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A B S T R A C T   
Polycyclic aromatic hydrocarbons (PAHs) are priority contaminants in coastal and estuarine ecosystems under 
anthropogenic pressure. Although PAHs tend to accumulate in the sediment, toxicity for benthic flat fish such as 
soles may be caused by PAHs released from the sediment to the water column. Within this context, the present 
investigation aims at recognizing toxicopathic effects elicited after waterborne exposure to benzo[a]pyrene B[a] 
P, a model individual PAH compound, in juvenile Solea senegalensis. Sole juveniles were exposed to various 
concentrations of waterborne B[a]P for 3 and 7 days. Brain, liver, gills and gonad were the target tissues selected 
to determine biochemical and lysosomal biomarkers, and histopathology. Biological responses and toxicopathic 
effects were consistent with B[a]P concentration and exposure time. From day 3, hepatic catalase inhibition 
indicated potential oxidative effects of B[a]P. At day 7, contaminant exposure produced hepatic glutathione-S- 
transferase induction at low concentrations and inhibition at higher levels, evidencing a bell-shaped response. A 
clear gradient in lysosomal membrane destabilisation was observed in relation with B[a]P concentrations. His-
topathological lesions were more frequent at day 7 and at higher contaminant levels. It seems that environ-
mentally relevant waterborne concentrations of B[a]P (1000 ng/l) would suffice to cause toxicopathic effects on 
sole juveniles in relatively short exposure times. In agreement, the Integrative Biological Response index (IBR/n) 
indicated a dose-dependent decline in health condition upon exposure to B[a]P (IBR/nHighB[a]P > IBR/nMidB[a]P 
> IBR/nLowB[a]P > IBR/nDMSO > IBR/nControl). Overall, changes in antioxidant enzymes activity, lysosomal bio-
markers and gill and liver histopathology are responsive early-warning signs of health disturbance in sole ju-
veniles exposed to waterborne PAHs.   
1. Introduction 
Polycyclic aromatic hydrocarbons (PAHs) are present in the aquatic 
environment and in particular in coastal and estuarine areas where the 
anthropogenic pressure is significant (industrial discharges, urban 
runoff, among other sources). PAHs are toxic to marine organisms, in 
which they can be bioaccumulated or metabolised (Solé et al., 2008; 
Trisciani et al., 2011; Ruiz et al., 2012; Larcher et al., 2014; Vieweg 
et al., 2018). Their ubiquitous presence in the environment and toxicity 
to the marine biota classify them as high priority contaminants that 
should be surveyed (Directive 2000/60/EC). Due to their hydrophobic 
nature, PAHs tend to accumulate in the sediment, but they also occur 
dispersed in water because of bioturbation and biotransformation 
processes (Tronczynski, 1992; Zhang et al., 2000; Eggleton and Thomas, 
2004; Neff et al., 2005; Cousin and Cachot, 2014; Briaudeau et al., 
2020). Accordingly, flatfish have attracted great interest in PAHs 
toxicity assays due to their benthic behaviour that closely relates their 
health status to both water and sediment contamination. In particular, 
juvenile soles are used in the field as sentinels for the environmental risk 
assessment of estuarine ecosystems (Gonçalves et al., 2013; Solé et al., 
2013; Briaudeau et al., 2019). 
Overall, altered health condition has been reported in sole exposed to 
PAHs both in the field (Costa et al., 2009a, 2009b; Oliva et al., 2010; 
Briaudeau et al., 2019) and upon laboratory exposure conditions 
(Jiménez-Tenorio et al., 2008; Salamanca et al., 2008; Solé et al., 2008; 
Trisciani et al., 2011). Nevertheless, most laboratory studies assessing 
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the toxicopathic effects of PAHs in soles were based on PAHs mixtures 
whilst exposures to individual model compounds such as benzo[a]pyr-
ene are scarce (Costa et al., 2010; Wessel et al., 2010; Aceña et al., 2017; 
Aráujo et al., 2019). The use of single model contaminants in laboratory 
conditions is essential to establish an association in the field between 
environmental levels of contaminants and alterations in the health sta-
tus of sentinel species. More short-term toxicity assays using single PAH 
model contaminants are necessary to understand biological responses 
elicited in soles upon PAH exposure. 
Various alternative combinations of biochemical, cellular and tissue- 
level biomarkers used as a battery may provide diverse means for 
assessing the biological effects of PAHs on marine organisms (UNE-
P/RAMOGE, 1999; Davies and Vethaak, 2012; OSPAR Commission, 
2013). In fish, exposure to PAHs may lead to changes in antioxidant 
enzymes activities such as glutathione-S-transferase (GST), catalase 
(CAT) and superoxide dismutase (SOD), which are considered early 
signals of oxidative stress in response to exposure to pollutants (Jee and 
Kang, 2005; Wu et al., 2006; Oliva et al., 2010). Accordingly, these 
enzyme activities are induced in sole and other fish species exposed to 
PAHs (Jiménez-Tenorio et al., 2008; Salamanca et al., 2008; Fonseca 
et al., 2011; Díaz-Garduño et al., 2018). The inhibition of brain acetyl-
cholinesterase (AChE), an enzyme involved in neural transmission, is 
used as biomarker of neurotoxicity in sole (López-Galindo et al., 2010a, 
2010b; Solé et al., 2012; Jebali et al., 2013) and in other fish species 
(Minier et al., 2000a; Davies and Vethaak, 2012; Burgeot et al., 2017). 
Lysosomal biomarkers are not pollutant specific but may be indicative of 
general stress responses in aquatic organisms (UNEP/RAMOGE, 1999; 
JAMP, 2003; ICES, 2011; 2015; Davies and Vethaak, 2012). Lysosomal 
enlargement, membrane destabilisation and changes in lysosomal con-
tent occur in the hepatocytes of a variety of fish species upon exposure to 
PAHs and other pollutants (Broeg et al., 2002; Au, 2004; Alvarado et al., 
2005; Baršienė et al., 2006; Bilbao et al., 2006; Zorita et al., 2008; 
Burgeot et al., 2017). Finally, PAHs are known to provoke histopatho-
logical lesions in fish gills, liver (Myers et al., 2003; Feist et al., 2004; 
ICES, 2006; Lang et al., 2006; Salamanca et al., 2008; Costa et al., 2010) 
and gonads (Minier et al., 2000b; Blazer, 2002; Reynolds et al., 2003; 
Stentiford and Feist, 2005; Bizarro et al., 2014; Solé et al., 2016). 
The present investigation aims at recognizing biological responses 
and toxicopathic effects elicited after waterborne exposure to B[a]P, a 
model individual PAH compound, in juvenile Solea senegalensis. Bio-
markers of oxidative stress and neurotoxicity, lysosomal biomarkers and 
histopathology were determined after 3 and 7 d exposure and integrated 
into the Integrative Biological Response (IBR) index (Beliaeff and Bur-
geot, 2002). Over the last decade, juvenile and adult soles have been 
used as sentinel organisms for the assessment of marine pollution in 
European southwestern waters (Oliva et al., 2010, 2012a, 2013; Cuevas 
et al., 2015; Solé et al., 2016; Briaudeau et al., 2019). Therefore, the 
outcomes of the present study are relevant to promote the use of juvenile 
soles as sentinel species for the assessment of biological effects of PAHs 
in fish from estuarine and coastal ecosystems. 
2. Material and methods 
2.1. Experimental design 
Solea senegalensis juveniles (24.3 ± 2.0 cm length; 160.3 ± 39.6 g 
total wet-wt) were exposed for 7 d to different nominal concentrations of 
benzo[a]pyrene (B[a]P) using dimethyl sulfoxide (DMSO) as a carrier 
(Control; DMSO; Low B[a]P: 100 ng/l; Mid B[a]P: 1000 ng/l and High B 
[a]P: 100000 ng/l). Stocking density was 4–6 kg/m2. The Control group 
did not receive any contaminant or carrier. All other experimental 
groups received the same concentration of DMSO (0.005% v/v). Each 
experimental group (n = 26) was placed in a closed-system in a 500 l 
capacity tank with continuous aeration. Water changes were performed 
every second day to ensure optimal water conditions: pH = 8, salinity =
31–33 PSU, temperature = 13-14 ◦C, dissolved O2 = 6–8 mg/l and total 
ammonia = 0 mg/l. Photoperiod throughout the experiment was set at 
12:12 h light:dark. Fish were daily fed with commercial food (0.3 g per 
fish; BioMar Iberia S.A., Dueñas, Spain). Biological samples (liver, gills, 
brain and gonad) were collected from each experimental group after 3 
and 7 d of exposure to B[a]P. Liver samples (n = 13) were used for 
histochemical and histopathological analysis and a section of 6 of these 
livers were also used for biochemical analysis. Gills and gonad samples 
(n = 13) were used for histopathological analysis and brain samples (n 
= 6) were used for biochemical analysis. 
2.2. Chemical analysis of water samples 
Water samples were collected from each experimental group, 48 h 
after contaminant load. Analyses of B[a]P content in water were 
determined by solid-phase microextraction (SPME; Ouyang and Paw-
liszyn, 2006) and gas chromatography-mass spectrometry analysis 
(GC-MS). 
2.3. Fish biometry 
Individual wet-wt (W in g) and length (L in cm) and liver and gonad 
wet-wt (LW and GW in g, respectively) were recorded to calculate (a) 
K–W × 100/l3; (b) HSI = LW × 100/W; and (c) GSI = GW × 100/W; 
where K is the condition factor, HSI is the hepatosomatic index, and GSI 
is the gonadosomatic index. 
2.4. Biochemical analysis 
At days 3 and 7 of exposure, liver and brain samples (n = 6 per 
experimental group) were dissected out, rapidly frozen and maintained 
at − 80 ◦C until use. Samples were processed for biochemical analysis; 
they were homogenised (1:4 for liver and 1:5 for brain) in 0.1 M po-
tassium phosphate buffer (pH 7.4) and centrifuged for 30 min at 12,000 
g at 4 ◦C to obtain the post-mitochondrial supernatant (PMS). Acetyl 
cholinesterase (AChE) activity was determined in brain PMS and 
glutathione-S-transferase (GST), catalase (CAT), superoxide dismutase 
(SOD) enzyme activities in liver PMS, using a BioTek Eon microplate 
spectrophotometer. Enzyme activities were expressed as a function of 
the protein concentration in the samples. Total protein content in the 
homogenates (prot) was measured in triplicate at 595 nm following 
Bradford’s method adapted to microplate and using bovine serum al-
bumin(BSA) as standard (Guilhermino et al., 1996). All enzyme assays 
were performed at 25 ◦C. 
AChE activity was determined according to the Ellman’s colorimetric 
method adapted to microplate (Guilhermino et al., 1996) at 412 nm. 
AChE activity was expressed as specific activity (nmol DTNB/min/mg 
prot). GST activity was determined by the Habig’s method adapted to 
microplate and using bovine serum albumin as standard (Guilhermino 
et al., 1996). Enzyme activity was measured at 340 nm for 6 min and 
expressed as nmol/min/mg prot. CAT activity was determined by the 
method of Claiborne (1985) as absorbance decrease at 240 nm. Results 
were expressed as μmol H2O2/min/mg prot. SOD activity was deter-
mined by a colorimetric method using a SIGMA kit (SOD Determination 
kit; ref: SIGMA, 19160) at 450 nm and SOD activity (inhibition rate %) 
was calculated following manufacturer’s protocol and expressed as 
nmol/min/mg prot. 
2.5. Histochemical analysis 
At days 3 and 7 of exposure, liver samples (n = 13 per experimental 
group) were dissected out, rapidly frozen and maintained at − 80 ◦C until 
use. Samples were processed for histochemical analysis using the Tissue 
Array (TA) technology (Array Mold® Kit; n◦ 20015-A) and TA blocks 
were cut at-27◦C using a Leica CM 3050S cryotome. 
Lysosomal membrane stability (LMS) was determined on the basis of 
the time of acid labilisation treatment required to produce the maximum 
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staining intensity according to UNEP/RAMOGE (1999), after demon-
stration of acid phosphatase (AcP) activity in hepatocyte lysosomes. The 
time of acid labilisation treatment required to produce the maximum 
staining intensity was assessed under a light microscope and was 
denoted as the Labilisation Period (LP; in min). Four determinations 
were made per individual; for each area, the first maximum staining 
peak was considered to determine the LP value (ICES, 2015). A final LP 
value was calculated for each individual fish as the mean of the four LP 
values determined in each area. 
Changes in the size and numbers of lysosomes were determined ac-
cording to the method described by Cajaraville et al. (1989) for mussels, 
subsequently adapted to fish liver by Alvarado et al. (2005), after his-
tochemical demonstration of β-glucuronidase activity in fish hepato-
cytes. The structure of lysosomes was assessed through a stereological 
procedure based on image analysis (BMS, Sevisan) according to 
Cajaraville et al. (1991). Five measurements using a 100× objective lens 
were made per individual. The mean value of the following stereological 
parameters was determined for the lysosomes of each liver sample 
(Lowe et al., 1981): volume density (VvL = VL/VC), surface density (SvL 
= SL/VC), surface-to-volume ratio (S/VL=SL/VL) and numerical density 
(NvL = NL/VC); where V = volume, S = surface, N = number, L = ly-
sosomes and C = liver cytoplasm. 
Changes in levels of intracellular accumulation of neutral lipids were 
determined according to Marigómez and Baybay-Villacorta (2003), after 
Oil Red O (ORO) staining to visualise neutral lipids. Five measurements 
using a 40× objective lens were made per individual. The mean value of 
the volume density (VvNL = VNL/VC) of neutral lipids was determined; 
where V = volume, NL = neutral lipids and C = liver cytoplasm. 
2.6. Histological processing and histopathological examination 
At days 3 and 7 of exposure, gill, liver and gonad samples were 
dissected out (n = 13 per experimental group). Gills were fixed in 
Bouin’s solution for 24hr at 4 ◦C and rinsed in formic acid (8% v/v) for 
24hr at room temperature. Liver and gonad samples were fixed in 4% 
neutral buffered formaldehyde for 24 h at 4 ◦C. Fixed samples were 
dehydrated in a graded series of ethanol, cleared and embedded in 
paraffin (Leica ASP 300S). A minimum of two sections (5 μm) per sample 
were obtained using a rotary microtome (Leica RM 2125RTS) and were 
stained with haematoxylin-eosin (H&E). 
Gonad histological sections were analysed at a light microscope for 
determining gender and gamete developmental stages. Male gamete 
developmental stages were determined according to García-López et al. 
(2006) and were classified in five stages as follow: Stage I (early sper-
matogenesis); Stage II (mid spermatogenesis); Stage III (late spermato-
genesis); Stage IV (mature); Stage V (recovery). The identification of 
gamete developmental stages for females was mainly based on Murua 
and Motos (2006). Stages were classified as followed: Stage I (growth); 
Stage II (early vitellogenesis); Stage III (late vitellogenesis); Stage IV 
(maturation). 
The examination of histological samples was made under a light 
microscope (Nikon Eclipse E200) starting with a 4× objective lens for a 
general description of the organs followed by higher power objective 
lenses (10× , 20× , 40× and 100× ). For the identification of histo-
pathological lesions on different organs, previous publications were 
considered (ICES, 1997; BEQUALM, 2001; Blazer, 2002; Costa et al., 
2009a; Zorita and Cuevas, 2014). 
The prevalence of each histopathological alteration was determined 
as the percentage occurrence of an alteration within each experimental 
group for gills and liver and within each combination of experimental 
group and gender for gonads. Amongst lesions identified, only persistent 
cases were considered for the calculation of histopathological indices 
and point alterations were discounted. 
The weighted histopathological index developed by Bernet et al. 
(1999) was applied to liver, gills and gonad. Briefly, each organ lesions 
were classified into five categories based on their reaction pattern: (1) 
circulatory disturbances; (2) inflammatory responses; (3) regressive 
changes; (4) progressive changes; and (5) tumours. Each alteration was 
assigned an importance factor or weight (w) ranging from 1 to 3: (1) 
minimal; (2) moderate; and (3) severe. In parallel, the score value (a) of 
each lesion identified was ranked in four categories (0, 2, 4 and 6) ac-
cording to the size of the tissue area affected in the sections and the 
degree of cellular change observed. Finally, semi-quantitative histo-
pathological indices (I) were calculated for each individual and each 
organ as I =
∑n
j=1
wj × aj; where “wj” is the weight of the jth histopath-
ological alteration and “aj” the score given to the jth alteration for the 
individual h. 
2.7. Integrative Biological Response (IBR/n) index 
The IBR index (Beliaeff and Burgeot, 2002; Devin et al., 2014) was 
calculated based on the integration of biomarkers (GST, CAT, LP) and 
histopathological indices (Igills, Iliver) following the calculation method 
described by Marigómez et al. (2013) as previously applied in soles 
(Briaudeau et al., 2020). 
2.8. Statistical analysis 
Statistical analyses were carried out using IBM SPSS Statistics Base 
22.0. Normality of data (Shapiro’s test) and homogeneity of variance 
(Levene’s test) were tested before statistical analysis. Two-way ANOVA 
tests were performed to analyse the effects of the B[a]P waterborne 
concentration ([B[a]P]), the exposure time (T) and their combination 
([B[a]P] × T) on biomarkers and histopathology. Logarithmic trans-
formation was applied to non-parametric variables (GST, LP, VvL, S/ 
VLand VvNL). For normal data, differences between experimental groups 
and throughout exposure time were tested using the parametric one-way 
ANOVA test and the Student’s t-test, respectively. For non-normal data 
set, the non-parametric Kruskal-Wallis’ test and Mann-Whitney’s U test 
were used to analyse differences in biological data between experi-
mental groups and throughout exposure time. The z-score test and the 
Pearson’s χ2-test were used to determine significant differences in his-
topathological lesion prevalence between experimental groups and 
throughout exposure time. Significant differences in IBR indices from 
different experimental groups of the same sampling day were tested 
using the z-score test. Significant differences in chemical data were 
tested with the z-score test. Level of significance for all analyses was p =
0.05. 
3. Results 
Overall, concentrations of B[a]P measured in water samples 48 h 
after contaminant loading were lower than the nominal concentrations. 
Nevertheless, the B[a]P concentration gradient was maintained. Thus, 
the highest waterborne concentration was measured in the High B[a]P 
group (17000 ng/l) and the lowest in the Low B[a]P group (40 ng/l), 
with the Mid B[a]P group (260 ng/l) in between. B[a]P concentrations 
in the DMSO and Control groups were below detection limits. 
In total, 130 individuals were used. Length (24.3 ± 2.0 cm) and W 
(160.3 ± 39.6 g) were constant throughout the experiment. Likewise, 
the condition index K (1.1 ± 0.1), HSI (1.0 ± 0.3) and male GSI (0.05 ±
0.02) did not differ between exposure groups. In contrast, female GSI 
varied between groups at day 7, with the lowest index recorded in Mid B 
[a]P exposed soles (0.88 ± 0.08) and the highest in DMSO exposed soles 
(1.08 ± 0.08). 
Brain AChE activity was significantly affected by [B[a]P], T and [B 
[a]P] × T (2-way ANOVA; Table 1), varying from 110.2 ± 2.0 nmol/ 
min/mg prot in Mid B[a]P soles at day 3 to 66.1 ± 3.1 nmol/min/mg 
prot in Low B[a]P soles at day 7 (Fig. 1A). At day 3, the lowest AChE 
activity was recorded in Control soles and the highest in DMSO and Mid 
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B[a]P treated soles. However, at day 7, AChE activity decreased in 
DMSO and B[a]P treated soles and reached levels similar to Control 
values. 
Hepatic GST activity was affected by [B[a]P] and [B[a]P] × T (2-way 
ANOVA; Table 1). Thus, the lowest GST activity values were recorded in 
High B[a]P soles at day 3 and in Mid B[a]P and High B[a]P soles at day 7 
(Fig. 1B). The highest enzyme activity was measured in Low B[a]P 
exposed soles at day 7. Hepatic CAT activity was significantly affected 
by [B[a]P] (2-way ANOVA; Table 1). Thus, the lowest CAT activity was 
recorded in Mid B[a]P and High B[a]P soles (Fig. 1C). At day 7, soles 
exposed to Low B[a]P also showed lower enzyme activity than Control 
and DMSO soles. Enzymatic activities recorded from the Control and 
DMSO groups were comparable and constant throughout the experi-
ment. Hepatic SOD activity was affected by [B[a]P], T and [B[a]P] × T 
(2-way ANOVA; Table 1). For all experimental groups, levels of SOD 
activity were higher at day 7 than at day 3 and Control soles showed 
significantly highest enzyme activity at days 3 and 7 (Fig. 1D). 
Lysosomal LP was significantly affected by [B[a]P] and T (2-way 
ANOVA; Table 1); ranging from 30.5 ± 1.6 min in Control soles at day 7 
to 5.7 ± 0.4 min in High B[a]P soles at day 3 (Fig. 2A). At day 3 and day 
7, LP values from B[a]P exposed soles were significantly lower than 
levels recorded in the Control groups, in particular for High B[a]P 
exposed soles. VvL and S/VL were significantly affected by T and [B[a]P] 
× T and S/VL was also affected by [B[a]P] (2-way ANOVA; Table 1). At 
day 3, VvL and S/VL were similar in all experimental groups whilst at day 
7, VvL increased and S/VL decreased in DMSO and B[a]P exposed soles 
(Fig. 2B and C). Levels of NvL (0.00036 ± 0.00002 1/μm3) did not vary 
between experimental groups or exposure days (Fig. 2D). VvNL was 
significantly affected by [B[a]P] and T (2-way ANOVA; Table 1). Levels 
of VvNL did not vary between experimental groups at day 3 (Fig. 2E). 
Higher VvNL values were recorded at day 7 in DMSO and Low B[a]P 
treated soles. 
Most soles examined for histopathology presented lamellar capillary 
aneurysm and epithelial lifting in the gills (Fig. 3A and B), showing 
prevalence values ranging from 76.9% to 100% considering all experi-
mental groups (Table 2). Hypertrophy of squamous epithelium was 
detected at mild to high prevalence (23.1–84.6%) and chloride cell 
hyperplasia (Fig. 4C) at low to mild prevalence (23.1–69.2%) (Table 2). 
No tumours were detected in gills. 
Often, liver samples appeared largely vacuolated showing important 
lipid accumulation in hepatocytes in all experimental groups. Haemor-
rhage, hyperaemia (Fig. 3D) and lymphocytic infiltration were rarely 
observed in Control and DMSO soles but they were occasionally iden-
tified in B[a]P exposed soles (Table 2). Presence of melanomacrophage 
centres (MMCs; 15.4–76.9%), necrosis (46.2–84.6%; Fig. 3E) and 
concentric periductal fibrosis in bile ducts (16.7–69.2%; Fig. 3F) were 
detected at moderate prevalence in most groups (Table 2). 
Upon microscopic examination of gonad tissue, most soles were 
shown to be at an early stage of gamete development. Males mostly 
presented immature testis (46.3%) and early spermatogenesis stage 
(50.7%); and although one case of early vitellogenesis (Stage II) was 
identified, most females (98.4%) presented primary growth oocytes 
Table 1 
Summary of the 2-way ANOVAs performed to analyse the effects of [B[a]P]sw (d. 
f.: 4), time of exposure (d.f.: 1) and their combination ([B[a]P] × T, d.f.: 4) on 
biomarkers and histopathology (lesion stages and indices) in S. senegalensis 
exposed to concentrations of [B[a]P] for 3 and 7 days. Logarithmic trans-
formation was applied to GST, LP, VvL, S/VL and VvNL (non-parametric vari-
able). No significant effect of [B[a]P],T or [B[a]P] × T was detected for NvL, and 
male Igo d.f.: degrees of freedom; F: Fisher’s F; *: p < 0.05; **: p < 0.01; ***: p <
0.001.  
Parameter Residual d.f. F([B[a]P]sw) F(T) F([B[a]P]swxT) 
AChE 50 3.134* 68.314*** 9.346*** 
GST 51 27.579*** 0.715 7.275*** 
CAT 52 16.157*** 1.428 1.635 
SOD 59 176.035*** 1568.478*** 23.649*** 
LP 105 63.576*** 22.955*** 1.332 
VvL 95 0.995 38.507*** 4.302** 
S/VL 95 4.287** 36.646*** 5.013** 
VvNL 90 3.462* 6.630* 2.427 
Itot 129 5.345** 1.370 2.477* 
Igills 129 4.561** 4.678* 5.322** 
Iliver 129 3.656** 0.286 2.696* 
FemaleIgonad 61 6.456*** 2.827 0.848  
Fig. 1. Brain acetylcholinesterase (A) and hepatic 
glutathione-S-transferase (B), catalase (C) and su-
peroxide dismutase (D) enzyme activities measured 
in S. senegalensis exposed to different concentrations 
of B[a]P for 3 and 7 d. Different letters indicate 
significant differences between experimental groups 
of the same sampling time; asterisks indicate sig-
nificant differences between exposure times (p <
0.05); AChE: acetylcholinesterase; CAT: catalase; 
GST: glutathione-S-transferase; SOD: superoxide 
dismutase.   
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(Stage I). No histopathological lesions were identified in testis of Control 
soles. Moreover, the only lesions recorded in testis of DMSO and B[a]P 
exposed soles were scarce with only few cases of granulomatous tissue 
(<20.0%) and necrosis (<35.0%). In females, lymphocytic infiltration, 
necrosis, atresia and pre-vitellogenic oocyte lipidosis were rarely 
detected in Control soles and were at mild to moderate prevalence in the 
other experimental groups (Table 2). 
Itot, Igills and Iliver were significantly affected by [B[a]P]and [B[a]P] 
× T; whereas Igills also varied with T (2-way ANOVA; Table 1). Itot, Igills 
and Iliver from the Control and DMSO groups were similar whilst higher 
values were recorded in B[a]P exposed soles, in particular at day 7 
(Fig. 4A–C). Similarly, female Igonad was significantly affected by B[a]P 
(2-way ANOVA; Table 1). Although female Igonad did not differ between 
experimental groups at day 3, highest values were recorded in Mid B[a]P 
and High B[a]P groups at day 7 (Fig. 4D). 
The IBR/n index ranged from 0.01 in Control soles at day 7 to 3.63 in 
soles exposed to High B[a]P for 7 d (Fig. 5A and B). Higher IBR/n index 
levels were recorded in High B[a]P soles at days 3 and 7 and in Mid B[a] 
P soles at day 7. 
The successive biological responses elicited by B[a]P were depicted 
by radar plot profiles: altered antioxidant enzyme activities and lyso-
somal system anticipated histopathological lesions. At day 3, the main 
contributors to IBR/n were biochemical responses related to antioxidant 
defence (GST and CAT) along with altered lysosomal system and to a 
lesser extent, liver histopathology. Meanwhile, all the selected 
biological responses contributed to IBR/n at day 7. Whilst the response 
profile in sole juveniles exposed to 100 ng B[a]P/l was comparable to 
the one depicted in the DMSO group, nominal B[a]P concentrations in 
the range of 1000–100000 ng B[a]P/l provoked GST and CAT inhibition, 
severe lysosomal membrane destabilisation and outstanding histopath-
ological lesions in liver and, most remarkably, in gills. 
4. Discussion 
The application of individual model PAH compounds like B[a]P for 
ecotoxicological studies implies the need of a carrier to counteract the 
hydrophobicity of the contaminant. DMSO has been previously applied 
as an effective solvent vehicle for organic compounds that is considered 
to have a low toxicity for fish species (Willford, 1967; Hutchinson et al., 
2006). Pawlowski et al. (2004a; b) demonstrated that DMSO at 0.01% 
(v/v) may affect egg production in fathead minnow but did not alter 
liver and gonad histology. Similarly, a long-term exposure (100 d) to 
0.01–2.0% (v/v) DMSO did not generate histopathological lesions in 
gills and kidney in Coho salmon (Benville et al., 1968). Thus, the DMSO 
concentration used herein (0.005% v/v) was not expected to elicit 
confounding biological responses in sole juveniles. Accordingly, only 
minor differences were occasionally found between soles of Control 
(seawater) and DMSO experimental groups. Yet, a 7 d exposure to DMSO 
seemed to have some influence on SOD enzyme activity and lysosomal 
biomarkers. Nevertheless, although the toxicity of the carrier used 
Fig. 2. Lysosomal membrane stability (A), lyso-
somal structural changes (B–D) and intracellular 
neutral lipid volume density (E) assessed in liver of 
S. senegalensis exposed to different concentrations of 
B[a]P for 3 and 7 d. Different letters indicate sig-
nificant differences between experimental groups of 
a same sampling time; asterisks indicate significant 
differences between exposure times (p < 0.05). LP: 
labilisation period; VvL: lysosomal volume density; 
S/VL: lysosomal surface to volume ratio; NvL: lyso-
somal numerical density; VvNL: volume density of 
neutral lipids.   
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herein cannot be fully neglected it is worth noting that the responses to B 
[a]P exposure were clearly demonstrable in comparison with the Con-
trol and DMSO groups. 
The B[a]P concentrations used in the present study were selected to 
ensure that short-term biological effects would be exerted in sole juve-
niles, as it could be expected after preceding reports on other fish species 
using higher concentrations than used herein (Vieira et al., 2008; 
Gravato and Guilhermino, 2009). Although only the lowest concentra-
tion (100 ng/l) could be considered ecologically realistic, the use of two 
higher non-realistic concentrations in the present experiment, allowed 
for the understanding of biological responses in sole juveniles based on 
the application of a battery of biomarkers assessed at different biological 
organisation levels. Chemical analysis of water samples permitted to 
confirm that the B[a]P concentrations in experimental tanks were 
congruent with the gradient of nominal concentrations originally 
selected. Yet, the measured concentrations were noticeably lower than 
the nominal ones. Indeed, heavy PAHs (>3 rings) such as B[a]P occur at 
low concentration in soluble forms in seawater due to their low seawater 
solubility and to their strong binding to particulate matters and solid 
materials (Qingling et al., 2006). In agreement, waterborne PAH con-
centration in experimental setups is known to be reduced as a result of 
their adsorption to particulate matter or to the basin surface, as well as 
due to their photochemical degradation, biotransformation and uptake 
by fish (Budzinski et al., 2004). Presently, the consequences of these 
confounding factors in the mid-term were somehow buffered because 
seawater and B[a]P were renewed every second day, thus maintaining 
the differences in the B[a]P exposure levels between the experimental 
groups even though the measured concentrations of the PAH were lower 
than the nominal ones. 
AChE enzyme activity recorded in soles from the seawater Control 
group was similar to values reported in farmed individuals (Solé et al., 
2008). However, a decrease in AChE activity was recorded at day 7 on 
exposure to DMSO and to different concentrations of B[a]P. AChE 
enzyme inhibition was reported previously in fish Pomatoschistus microps 
exposed to B[a]P (Vieira et al., 2008) and in S. senegalensis exposed to 
the biocide sodium hypochlorite (López-Galindo et al., 2010a). Overall, 
exposure to PAHs such as B[a]P is known to inhibit AChE activity in fish 
brain (Baršienė et al., 2006). To our knowledge, DMSO was not expected 
to cause neurotoxic effects at the used concentrations (Yen et al., 2011). 
Nevertheless, behavioural toxicity of the carrier was reported in early 
life stage of other fish species exposed to higher DMSO concentrations 
(Chen et al., 2011) and therefore a certain neurotoxicity of this com-
pound cannot be fully disregarded for sole juveniles under the present 
experimental conditions. 
GST activity values recorded herein for Control and DMSO exposed 
soles resemble those reported for farmed individuals (Solé et al., 2008) 
and for wild sole from reference sites (Oliva et al., 2012b; Jebali et al., 
2013). On this basis, GST was seemingly induced upon exposure to 100 
Fig. 3. Histological sections (5 μm) of S. senegalensis exposed to different concentrations of B[a]P for 3 and 7 d, stained with haematoxylin and eosin. (A) Gill tissue 
showing capillary aneurysm (arrow); (B) gill epithelial lifting (arrow); (C) chloride cell hyperplasia; (D) hepatic hyperaemia with accumulation of erythrocytes in 
blood vessels; h: hyperaemia; s: sinusoid; (E) severe case of hepatic necrosis; (F) Concentric Periductal Fibrosis. Black scale bar: 50 μm; white scale bar: 200 μm. 
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ng B[a]P/l, which suggests that Phase II detoxification processes were 
activated. Indeed, GST is a Phase II enzyme known to contribute to PAH 
biotransformation (van der Oost et al., 2003). Alike, GST induction was 
described in other fish species after exposure to waterborne B[a]P 
(Vieira et al., 2008; Gravato and Guilhermino, 2009) and in sole juve-
niles after exposure to oiled sediments (Salamanca et al., 2008). In 
contrast, under the present experimental conditions exposure to 
waterborne B[a]P concentrations in the range of1000–100000 ng B[a] 
P/l caused GST inhibition. Almeida et al. (2012) also reported that GST 
enzyme activity decreased in juvenile sea bass exposed to waterborne 
pyrene. In agreement with the present observations, Gravato and Guil-
hermino (2009) reported that GST enzyme activity was either induced 
or inhibited in seabass depending on the contaminant concentration: 
GST activity was induced after exposure to a nominal concentration of 
4000 ng B[a]P/l in seawater and inhibited by higher concentrations 
(8000–16000 ng/l). Thus, the decrease in GST activity observed herein 
may imply that the capacity to detoxify B[a]P and its metabolites 
through the pathway of glutathione conjugation is limited in sole ju-
veniles when waterborne concentrations exceed a nominal concentra-
tion of 1000 ng B[a]P/l. This concentration is comparable to the range of 
B[a]P concentration reported in highly contaminated estuarine waters, 
which in addition occur along in combination with other chemicals 
(Maskaoui et al., 2002). Induced catalase activity in fish liver has been 
described upon exposure to contaminants indicating the activation of 
antioxidant defences (Jee and Kang, 2005; López-Galindo et al., 2010a; 
b). However, CAT activity can also result inhibited when the over-
production of ROS exceeds the antioxidant capacity of the cell (Roméo 
et al., 2000; Kalman et al., 2010; Oliva et al., 2012b). Presently, expo-
sure to a nominal concentration of B[a]P in the range of 1000–100000 
ng B[a]P/l clearly inhibited CAT activity at day 3, whereas the inhibi-
tion was more attenuated and recorded only after 7 days upon exposure 
to 100 ng B[a]P/l. Therefore, the level of oxidative stress seems to vary 
with the B[a]P concentration, with a clear and early excess of ROS in 
sole juveniles exposed to a waterbone nominal concentration of B[a]P 
higher than 100 ng B[a]P/l (measured 48 h-[B[a]P] = 40 ng B[a]P/l). 
Likewise, as a parallel evidence of the antioxidant capacity overload at 
those exposure concentrations, lysosomal responses revealed signs of 
membrane disruption and potential pathogenesis (see below). 
Regarding SOD activity, obtained results are not conclusive as changes 
in this enzyme activity could not be related to B[a]P exposure; quite the 
contrary, SOD activity was lower in DMSO and B[a]P exposed soles that 
in Control ones and higher at day 7 than at day 3 in all the experimental 
groups. Inconsistent results have been reported in other studies and 
seem to be related to the complexity and timing of the antioxidant 
defence network. Thus, for instance, SOD induction was reported in fish 
upon exposure to waterborne B[a]P (2000–20,000 ng B[a]P/l) for 6 d, 
but SOD was inhibited after 12 d exposure to 20,000 ng B[a]P/l (Wu 
et al., 2006). 
Preceding laboratory experiments revealed that individual PAH 
compounds like B[a]P can provoke lysosomal enlargement and mem-
brane destabilisation in marine organisms (Marigómez and 
Baybay-Villacorta, 2003; Marigómez et al., 2005; Zorita et al., 2008). 
Present LP values recorded in Control and DMSO groups (≈15–30 min) 
are similar to those previously recorded in healthy fish (Köhler et al., 
1992; Köhler and Pluta, 1995; Broeg et al., 1999, 2002; Viarengo et al., 
2007; Zorita et al., 2008). Meanwhile, reduced LP values recorded in B 
[a]P exposed soles range from 14.42 ± 0.98 (100 ng B[a]P/l) to 5.68 ±
0.39 min (100000 ng B[a]P/l), with a clear concentration-dependent 
profile. These values are similar to those reported in wild Platichthys 
flesus affected by an oil spill event (Baršienė et al., 2006) and in wild 
Limanda limanda collected from the polluted Seine estuary (Burgeot 
et al., 2017). Altered lysosomal membrane stability is commonly 
Table 2 
Prevalence (%) for histopathological lesions recorded in gills, liver and female gonad in S. senegalensis (n = 13 per experimental group; except for gonad1) after 3 and 
7d exposure to B[a]P. Bold values indicate significant differences among experimental groups of a same sampling day (Z score; p < 0.05). Asterisks indicate significant 
differences between sampling days (Pearson’s χ2 test, p < 0.05). w: lesion importance factor; MMCs: Melanomacrophage Centres; FV: Fat Vacuolation; HV: Hydropic 
Vacuolation; CPF: Concentric Periductal Fibrosis.      
Day 3     Day 7   
Lesions w Control DMSO Low B[a]P Mid B[a]P High B[a]P Control DMSO Low B[a]P Mid B[a]P High B[a]P 
Gills 
Circulatory disturbances 
Lamellar capillary aneurysm 1 100.0 100.0 100.0 76.9 100.0 92.3 76.9 84.6 100.0 100.0 
Regressive changes 
Epithelial lifting 1 92.3 75.0 92.3 100.0 100.0 76.9 100.0 92.3 100.0 100.0 
Progressive changes 
Hypertrophy of squamous epithelium 1 53.8 76.9 76.9 61.5 84.6 23.1 84.6 53.8 84.6 76.9 
Chloride cell hyperplasia 2 46.2 69.2 46.2 38.5 53.8 23.1 38.5 69.2 30.8 15.4* 
Liver 
Circulatory disturbances 
Haemorrhage 1 7.7 0.0 7.7 0.0 15.4 0.0 0.0 0.0 7.7 7.7 
Hyperaemia 1 23.1 15.4 23.1 7.7 15.4 7.7 0.0 0.0 15.4 23.1 
Inflammatory responses 
MMCs 1 15.4 61.5 53.8 61.5 61.5 69.2* 61.5 76.9 61.5 76.9 
Lymphocytic infiltration 2 23.1 15.4 30.8 30.8 15.4 0.0 0.0 15.4 53.8 7.7 
Regressive changes 
Necrosis 3 46.2 69.2 61.5 76.9 84.6 76.9 61.5 76.9 76.9 61.5 
Progressive changes 
FV of hepatocytes 1 100.0 100.0 100.0 92.3 100.0 92.3 100.0 92.3 100.0 100.0 
HV of epithelial cells in bile ducts 2 7.7 7.7 0.0 7.7 15.4 0.0 0.0 38.5* 0.0 0.0 
CPF of bile ducts 2 23.1 30.8 30.8 16.7 69.2 53.8 38.5 69.2* 53.8 38.5 
Gonad (female)1  n = 7 n = 6 n = 8 n = 7 n = 5 n = 10 n = 4 n = 6 n = 4 n = 5 
Circulatory disturbances 
Hyperaemia 1 0.0 16.7 0.0 0.0 0.0 0.0 0.0 0.0 0.0 0.0 
Inflammatory responses 
Lymphocytic infiltration 2 0.0 16.7 0.0 42.9 20.0 0.0 25.0 0.0 50.0 0.0 
Regressive changes 
Necrosis 3 0.0 50.0 25.0 57.1 20.0 10.0 75.0 16.7 75.0 60.0 
Atresia 3 0.0 16.7 0.0 0.0 0.0 10.0 0.0 0.0 25.0 60.0* 
Progressive changes 
Lipids in oocytes 1 28.6 16.7 37.5 42.9 40.0 20.0 0.0 50.0 50.0 40.0  
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accompanied with lysosomal structural changes evidenced by changes 
in size and numbers of the lysosomes (Köhler et al., 1992; Cajaraville 
et al., 1995; Marigómez et al., 2005; Alvarado et al., 2005; Dagnino 
et al., 2007; Izagirre and Marigómez, 2009). Yet, in the present study 
lysosomal enlargement (high VvL and low S/VL) was evident only in 
DMSO and B[a]P exposed soles at day 7, especially in the former. A 
comparable profile was observed regarding intracellular accumulation 
of neutral lipids. It seems therefore that the carrier exerted some effects 
on juvenile soles, thus rendering present results on changes in lysosomal 
structure and content not fully conclusive regarding B[a]P effects. 
Gill lesions identified in the present study were similar to those 
previously described in wild fish from contaminated sites (Stentiford 
et al., 2003; Camargo and Martinez, 2007; Oliva et al., 2013; Santos 
et al., 2014; Briaudeau et al., 2019) and from laboratory experiments 
using organic compounds (Jímenez-Tenorio et al., 2008; Martins et al., 
2016). Overall, higher lesion prevalence were recorded in B[a]P exposed 
soles than in Control or DMSO groups at day 7. Similarly, higher lesion 
stage of epithelial lifting was recorded at day 7. Accordingly, the gill 
histopathological index increased in agreement with B[a]P concentra-
tions. Haemorrhage, hyperaemia, increased MMCs, lymphocytic infil-
tration, hydropic vacuolation of epithelial cells of bile ducts, concentric 
periductal fibrosis and necrosis were observed at higher prevalence in B 
[a]P exposed soles than in Control or DMSO groups. These lesions were 
previously described in sole, both after laboratory exposure to pollutants 
and in field studies (Costa et al., 2011, 2013; Oliva et al., 2013; Zorita 
and Cuevas, 2014; Briaudeau et al., 2019, 2020). In testis, only few cases 
of granulomatous tissue and necrosis were recorded, with no clear 
relation with B[a]P exposure. In contrast, lymphocytic infiltration, 
necrosis, atresia and lipids in oocytes were identified at mild to mod-
erate prevalence in the ovaries of B[a]P exposed soles, especially upon 
exposure to 1000–100000 ng B[a]P/l. These lesions were previously 
reported in fish subject to environmental stress (Blazer, 2002; Reynolds 
et al., 2003; Cuevas et al., 2015a, 2015b; Briaudeau et al., 2019, 2020). 
Lesions were integrated into weighted histopathological indices (Bernet 
et al., 1999; Van Dyk et al., 2007; Costa et al., 2009a) to identify po-
tential cause-effect relationship between exposure to B[a]P and disease 
condition in sole juveniles. Thus, higher total index (Itot), gill index 
(Igills) and liver index (Iliver) were recorded in soles exposed to B[a]P 
than in the Control and DMSO groups, in particular at day 7. In agree-
ment, previous works reported increased histopathological indices after 
exposure to pollutants (Bernet et al., 2004; Van Dyk et al., 2007; 
Jímenez-Tenorio et al., 2008; Costa et al., 2009a; Briaudeau et al., 
2019). Moreover, the highest Iliver (≈16) and Igonad (≈10) values 
recorded upon exposure to 1000–100000 ng B[a]P/l are not dissimilar 
from the values reported in sole juveniles exposed to contaminated 
sediments (Briaudeau et al., 2020). 
The IBR/n index had been successfully applied in laboratory exper-
iments with sole (Briaudeau et al., 2020) and in biomonitoring pro-
grammes using diverse sentinel species (Broeg and Lehtonen 2006; 
Brooks et al., 2011; Serafim et al., 2012; Marigómez et al., 2013; 
Rementeria et al., 2016). The successive biological responses elicited by 
B[a]P were depicted by radar plot profiles: altered antioxidant enzyme 
activities and lysosomal system anticipated histopathological lesions. At 
day 3, the main contributors to IBR/n were biochemical responses 
related to antioxidant defense (GST and CAT) along with altered lyso-
somal system and to a lesser extent, liver histopathology. Meanwhile, all 
Fig. 4. Total (Itot), gill (Igills), liver (Iliver) and female gonad (Igonad) histopathological indices of S. senegalensis exposed to different concentrations of B[a]P for 3 and 7 
d. Different letters indicate significant differences between experimental groups of the same sampling time; asterisks indicate significant differences between 
exposure times (p < 0.05). 
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the selected biological responses contributed to IBR/n at day 7. Whilst 
the response profile in sole juveniles exposed to 100 ng B[a]P/l was 
comparable to the one depicted in the DMSO group, exposure to nominal 
concentrations of B[a]P in the range of 1000–100000 ng B[a]P/l pro-
voked inhibition of GST and CAT enzyme activities, severe lysosomal 
membrane destabilisation and outstanding histopathological lesions in 
liver and, most remarkably, in gills. In the present study, IBR/n index 
was also useful to show, in a user-friendly manner, a dose and time 
dependent decline in the health condition in sole juveniles exposed to 
waterborne B[a]P; with a clear gradient in the IBR/n index (IBR/nHighB 
[a]P > IBR/nMidB[a]P > IBR/nLowB[a]P > IBR/nDMSO > IBR/nControl), 
especially at day 7. 
5. Conclusions 
The assessment and integration of biological responses elicited in 
Solea senegalensis juveniles upon B[a]P exposure for 7 d indicated 
different degrees of B[a]P toxicity depending on the waterborne B[a]P 
concentration and the exposure time. Whilst a 3-d exposure to a nominal 
concentration in the range of 1000–100,000 ng B[a]P/l caused oxidative 
stress (CAT inhibition; GST induction/inhibition) and lysosomal mem-
brane destabilisation, a 7-d exposure also caused gill, liver and gonad 
histopathological lesions. Upon exposure to 100 ng B[a]P/l, the effects 
were not distinguishable from those elicited by the experimental carrier 
DMSO. However, they were elicited both upon exposure to a non- 
environmentally relevant B[a]P concentration (e.g. 100000 ng B[a]P/ 
l) and also upon exposure to an environmentally relevant concentration 
(1000 ng B[a]P/l). Therefore, it seems that environmentally relevant 
waterborne concentrations of B[a]P would suffice to cause toxicopathic 
effects on sole juveniles in relatively short exposure times. Moreover, if B 
[a]P alone is a potential toxicopathic pollutant, its co-occurrence in the 
water column with other PAHs and chemicals derived from polluted 
sediments (Briaudeau et al., 2019, 2020) would be expected to represent 
a veiled but real hazard that should entail future research efforts. 
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markers of environmental pollution: time- and dose dependent responses of the 
digestive lysosomal system of mussels after petroleum hydrocarbon exposure. 
Environ. Toxicol. Water Qual. 10, 1–8. 
Camargo, M.M.P., Martinez, C.B.R., 2007. Histopathology of gills, kidney and liver of a 
neotropical fish caged in an urban stream. Neotrop. Ichthyol. 5, 327–336. 
Chen, T.-H., Wang, Y.-H., Wu, Y.-H., 2011. Developmental exposures to ethanol or 
dimethylsulfoxide at low concentrations alter locomotor activity in larval zebrafish: 
implications for behavioral toxicity bioassays. Aquat. Toxicol. 102, 162–166. 
Claiborne, A., 1985. Catalase activity. In: Greenwald, R.A. (Ed.), CRC Handbook of 
Methods in Oxygen Radical Research. CRC Press, Boca Raton, Florida, pp. 283–284. 
Costa, P.M., Caeiro, S., Costa, M.H., 2013. Multi-organ histological observations on 
juvenile Senegalese soles exposed to low concentrations of waterborne cadmium. 
Fish Physiol. Biochem. 39, 143–158. 
Costa, P.M., Caeiro, S., Diniz, M.S., Lobo, J., Martins, M., Ferreira, A.M., Caetano, M., 
Vale, C., DelValls, T.A., Costa, M.H., 2009b. Biochemical endpoints on juvenile Solea 
senegalensis exposed to estuarine sediments: the effect of contaminant mixtures on 
metallothionein and CYP1A induction. Ecotoxicology 18, 988–1000. 
Costa, P.M., Caeiro, S., Lobo, J., Martins, M., Ferreira, A.M., Caetano, M., Vale, C., 
DelVallsT, A., Costa, M.H., 2011. Estuarine ecological risk based on hepatic 
histopathological indices from laboratory and in situ tested fish. Mar. Pollut. Bull. 
62, 55–65. 
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Zaldibar, B., 2016. Assessment of the effects of Cu and Ag in oysters Crassostrea gigas 
(Thunberg, 1793) using a battery of cell and tissue level biomarkers. Mar. Environ. 
Res. 122, 11–22. 
Reynolds, W.J., Feist, S.W., Jones, G.J., Lyons, B.P., Sheahan, D.A., Stentiford, G.D., 
2003. Comparison of biomarker and pathological responses in flounder (Platichthys 
flesus L.) induced by ingested polycyclic aromatic hydrocarbon (PAH) 
contamination. Chemosphere 52, 1135–1145. 
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Salamanca, M.J., Jiménez-Tenorio, N., González de Canales, M.L., DelVallsT, A., 2008. 
Evaluation of the toxicity of an oil spill conducted through bioassays using the fish 
Solea senegalensis. Cienc. Mar. 34, 339–348. 
Santos, D.M.S., Melo, M.R.S., Mendes, D.C.S., Rocha, I.K.B.S., Silva, J.P.L., 
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